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Abstract 17 

The Amazon is Earth’s largest river by volume output, making it an important source of 18 

trace metals and dissolved organic matter (DOM) to the Atlantic Ocean. Despite major 19 

recent anthropogenic disruptions to the Amazon catchment area, data for trace metals 20 

such as copper (Cu) in the Amazon River estuary and associated mixing plume are still 21 

rare. Furthermore, there is currently no existing data in this region for Cu-binding 22 

ligands, which govern the amount of bioavailable Cu. To understand trace metal mixing 23 

and transport processes, the GEOTRACES process study GApr11 (cruise M147 with RV 24 

Meteor) was conducted in 2018 in the Amazon and Pará River estuaries and mixing 25 

plume in the tropical North Atlantic Ocean during high river discharge. Size-fractionated 26 

surface samples were collected along the full salinity gradient for concentrations of Cu, 27 

apparent Cu-binding organic ligands (LCu) and corresponding conditional stability 28 

constants (𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑 ), electroactive humic substances (eHS), solid phase extractable 29 

organic Cu (SPE-Cu), dissolved organic carbon (DOC), chlorophyll a (Chl a) and 30 

macronutrients. Dissolved (<0.2 µm) and soluble (<0.015 µm) Cu correlated negatively 31 

with salinity and largely followed values expected from conservative mixing. Cu was 32 

primarily in the soluble fraction, with the exception of a minor fraction of large colloidal 33 

Cu at low salinity (S ≤10). Organic ligands (log 𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑  = 12.6-15.6) were present in 34 

excess of Cu and likely played a role in solubilizing Cu and preventing Cu being affected 35 

by colloidal flocculation. Cu-associated DOM (measured as LCu, eHS and SPE-Cu) 36 

correlated negatively with salinity and appeared to be primarily governed by river input 37 

and mixing with seawater. However, an increase in the colloidal fraction for LCu and eHS 38 
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observed at S ~6-10 was attributed to possible additional autochthonous 39 

(phytoplankton) ligand production. In all dissolved samples, organic complexation kept 40 

free Cu below levels potentially toxic for phytoplankton (<1 pmol L-1). Despite increasing 41 

anthropogenic activity over the past century, we find Cu concentrations remained 42 

similar to the 1970s, suggesting that the large overall river flow may so far minimize the 43 

impact of Cu pollution.   44 
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1. Introduction 45 

The Amazon River is the largest on Earth, accounting for 15 - 20% of all 46 

freshwater input to the ocean, making it a major source of trace metals, macronutrients 47 

and dissolved organic matter (DOM) to the Atlantic Ocean (Meybeck 1982; Richey et al. 48 

1986; Smoak et al. 2006; Villar et al. 2009). The Amazon region experiences distinct wet 49 

(January to August) and dry (September to December) seasons, which affect river flow 50 

rate (100 200 - 240 000 m3 s-1 at station Óbidos) (Richey et al. 1986; Villar et al. 2009) 51 

and residence time (estimated 14 - 22 days in the Santana Channel; de Abreu et al. 52 

2020). In addition to the Amazon River, the estuarine mixing zone is also influenced by 53 

outflow from the Pará River and its main tributary the Tocantins River (average flow 11 54 

000 m3 s-1; Costa et al. 2003) and catchment area to the south. Finally, a large mangrove 55 

forest to the southeast of the Pará River outflow provides a source of nutrient- and 56 

DOM-rich groundwater (Dittmar and Lara 2001). Due to its enormous volume, water 57 

from the Amazon and Pará River estuaries is pushed onto the continental shelf. Here, 58 

the brackish water mixes with entrainment of offshore water from the North Brazil 59 

Current (NBC), which is further influenced by large tidal fluctuations (Smoak et al. 2006).  60 

Copper (Cu) is an important marine trace metal that is required for a variety of 61 

enzymes involved in electron transport (Sunda 2012) and is sometimes a co-limiting 62 

nutrient along with iron (Fe) (Peers et al. 2005; Annett et al. 2008; Semeniuk et al. 63 

2009). However, Cu can also be toxic to phytoplankton; free Cu can reduce the growth 64 

rate of cyanobacteria at concentrations >1 pmol L-1 and eukaryotic phytoplankton at 65 

concentrations >10 pmol L-1 (Brand et al. 1986). This toxicity is mitigated by a high 66 
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degree of organic complexation (>99%), which greatly decreases the concentration of 67 

free Cu (van den Berg et al. 1987; Coale and Bruland 1988; Buck and Bruland 2005; 68 

Moffett and Dupont 2007; Jacquot and Moffett 2015; Whitby et al. 2017).  69 

Several studies have observed a conservative-type trend for Cu in estuaries 70 

governed primarily by river-seawater mixing (Boyle et al. 1982; Windom et al. 1988; 71 

Abdel-Moati 1990; Cutter 1991; Zhang 1995; Illuminati et al. 2019), although deviations 72 

from this overall conservative behavior may result from sorption to solids, colloidal 73 

flocculation and/or biological uptake (Boyle et al. 1982; Abdel-Moati 1990; Tang et al. 74 

2002; Pearson et al. 2017; Dulaquais et al. 2020; Pavoni et al. 2020). Changes in the 75 

chemical speciation and size fractionation of Cu can also reflect the dynamic processes 76 

that occur within estuarine plumes. Colloidal flocculation of trace metals can play a 77 

major role in the removal of a variety of potentially toxic metals, including Cu, during 78 

estuarine mixing (Heidari 2019). Moreover, the thermodynamic properties of DOM are 79 

crucial to understanding trace metal binding behavior (Lodeiro et al. 2020). Therefore, 80 

size fractionation and ligand concentration and binding strength are important factors in 81 

governing Cu concentration and bioavailability in estuaries.  82 

 The organic ligands responsible for Cu complexation can be analyzed using 83 

indirect electrochemical methods, which measure the ligand pool based on 84 

concentration and binding strength. Organic Cu-binding ligands (LCu) are commonly 85 

grouped based on binding strength into stronger (L1) and weaker (L2) ligand classes, 86 

with the majority of dissolved Cu bound to L1 (Coale and Bruland 1988; Buck and 87 

Bruland 2005; Whitby et al. 2017; Whitby et al. 2018). These ligands can be produced by 88 
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phytoplankton in response to Cu toxicity (Moffett and Brand 1996; Leal et al. 1999), as 89 

well as being released during phytoplankton degradation (Lorenzo et al. 2007) or 90 

generated as metabolic byproducts (Laglera and Tovar-Sánchez 2012). In addition, Cu-91 

reactive humic substances, including humic and fulvic acids, make up a large fraction of 92 

the natural, terrestrially-derived DOM and are therefore especially important in 93 

estuarine regions (Mantoura et al. 1978; Kogut and Voelker 2001; Voelker and Kogut 94 

2001; Shank et al. 2004; Whitby et al. 2017; Dulaquais et al. 2020).  95 

Cu-binding ligands in estuaries play an important role in mitigating Cu toxicity 96 

and bioavailability. These ligands, which include reduced sulfur species (RSS) such as 97 

thiols as well as humic substances, have been reported across a range in binding 98 

strengths from log 𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑 ~10 - 16 (van den Berg et al. 1987; Tang et al. 2001; Laglera 99 

and van den Berg 2003; Buck and Bruland 2005; Dryden et al. 2007; Santos-Echeandía et 100 

al. 2013; Whitby et al. 2017; Wong et al. 2019).  Humic-like substances account for up to 101 

estimated 40 - 60% of dissolved organic carbon (DOC) in aquatic environments 102 

(McKnight and Aiken 1998; Zigah et al. 2017), and contribute up to 60% of the DOC  103 

transported by the Amazon River (Ertel et al. 1986). In addition, humic-like ligands have 104 

been detected throughout the coastal and open ocean (Laglera and van den Berg 2009; 105 

Whitby and van den Berg 2015; Dulaquais et al. 2018; Whitby et al. 2018; Whitby et al. 106 

2020). Because of the high diversity of humic-like substances, these ligands are often 107 

quantified by voltammetric analyses (Whitby and van den Berg 2015; Whitby et al. 2017; 108 

Whitby et al. 2018). These operationally-defined electroactive humic substances (eHS) 109 

are a useful proxy for the pool of Cu-binding humic ligands. Solid phase extraction (SPE) 110 
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provides an additional way to analyze hydrophobic DOM-associated Cu in greater detail 111 

(Waska et al. 2015; Boiteau et al. 2016), which comprises a substantial portion (~10 - 112 

50%) of estuarine dissolved Cu (Elbaz-Poulichet et al. 1994; Beck et al. 2010). Taken 113 

together, electrochemical analyses of LCu and eHS, combined with SPE, provide a suite of 114 

tools to evaluate Cu-associated DOM in estuaries and seawater. 115 

Research in the Amazon River estuary and plume conducted in the 1970s 116 

showed that Cu concentrations generally followed a distribution expected from 117 

conservative mixing, with evidence of additional biological uptake during slower plume 118 

circulation (Boyle et al. 1982). However, more recent observations of Cu and other trace 119 

metals in the Amazon are sparse and have focused primarily on the mixing and 120 

transport in Amazon River tributaries prior to reaching the Atlantic Ocean (Aucour et al. 121 

2003; Seyler and Boaventura 2003; Guinoiseau et al. 2018). Furthermore, to our 122 

knowledge, no study of Cu size partitioning (dissolved, colloidal and soluble) has been 123 

conducted in the Amazon Estuary. 124 

Since the Boyle et al. (1982) study, the Amazon River basin has been subjected to 125 

a variety of anthropogenic impacts, including agriculture, deforestation, mining and 126 

hydroelectric dams (Coe et al. 2009; Davidson et al. 2012). Climate change is also 127 

expected to alter precipitation over the entire Amazon River basin (Guimberteau et al. 128 

2013), resulting in both flooding and drought in different regions, and therefore 129 

impacting trace metal fluxes from the Amazon region into the coastal Atlantic Ocean. 130 

Because of the importance of trace metals in governing marine primary productivity and 131 

carbon sequestration (see e.g. Morel and Price 2003; Sunda 2012), large disruptions to 132 
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the Amazon River could have a profound impact on the Atlantic Ocean as a whole 133 

through meridional overturning circulation. To assess the impacts of anthropogenic 134 

activity and to support models of future climate-change scenarios, it is therefore critical 135 

to understand the geochemistry of the Amazon River estuary and surrounding regions of 136 

the Northwest Brazilian Continental Shelf.  137 

In this study, we aimed to establish whether the Amazon and Pará Rivers were 138 

significant sources of dissolved Cu to the tropical North Atlantic Ocean, and to assess 139 

whether a change in Cu concentrations and speciation could impact the ecosystem in 140 

coastal and estuarine waters. To this end, we measured Cu and Cu-binding organic 141 

matter present in the dissolved (<0.2 µm), soluble (<0.015 µm), and ultrafiltered (<1 and 142 

<10 kDa) fractions. To assess Cu chemical speciation at different salinities and size 143 

fractions, we undertook a three-pronged investigation of 1) apparent LCu concentrations 144 

and their associated conditional stability constants, 2) eHS concentrations and 3) 145 

hydrophobic Cu concentrations via size exclusion chromatography (SEC). Our results 146 

highlight the role of river-derived organic ligands in stabilizing Cu in the study area, with 147 

possible additional autochthonous production of large colloidal LCu in the mid-salinity 148 

region.  149 

 150 

2. Methods 151 

2.1. Sample collection 152 

A GEOTRACES process study (cruise M147 Amazon-GEOTRACES, GApr11) was 153 

completed in the Amazon River estuary and nearby regions of the Northwest Brazilian 154 



 9 

Continental Shelf (Fig. 1a) during the high river discharge season (29 April to 20 May 155 

2018). Surface samples for concentrations of dissolved Cu, LCu and eHS were collected 156 

aboard the RV Meteor with a towed-fish (2 to 3 m depth) directly into a trace metal-157 

clean laboratory container using a Teflon bellows pump as previously described 158 

(Koschinsky et al. 2018; Zhang et al. 2020). Samples for Cu concentration analysis were 159 

filtered shipboard into acid-cleaned low-density polyethylene (LDPE) bottles, acidified to 160 

pH <2 with Ultrapure HCl (UpA, Romil). Samples were then stored at room temperature 161 

for a minimum of one year prior to analysis, since long-term storage (> 2 months) has 162 

been found to be necessary to avoid underestimation dissolved Cu concentrations 163 

(Posacka et al. 2017). Samples for LCu and eHS analysis were filtered into acid-cleaned 164 

LDPE bottles and stored frozen (-20 °C). To avoid potential contamination from plastic 165 

leaching from the towed-fish tubing, samples for SPE analysis were collected from 166 

standard Niskin bottles (24 x 12 L, Ocean Test Equipment) deployed on an epoxy coated 167 

aluminum rosette equipped with a Seabird SBE 911 plus CTD. 168 

Samples were collected across the full salinity range (0 to >35) (Fig. 1b). Salinity 169 

data was collected using the ship’s sensor in addition to measuring an aliquot of each of 170 

the towed-fish trace metal samples after collection, in order to account for the 171 

sometimes rapidly-changing salinity during sample collection with a towed-fish.  All 172 

reported salinity data for towed-fish samples reflect the salinity measured after 173 

collection, unless insufficient volume was present, in which case the ship sensor data 174 

was used. All samples were filtered shipboard through 0.8/0.2 µm cartridge filters 175 

(AcroPak1000TM) to obtain the dissolved fraction. A subset was then further filtered 176 
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through acid-cleaned 0.015 µm filter membranes to obtain the soluble fraction as 177 

specified; samples for soluble Cu concentrations were filtered through an Anapore filter 178 

(Millipore) and samples for soluble LCu and eHS and were filtered through a Nuclepore 179 

Track-Etch filter (Whatman). Both sets of filters were acid washed with 0.1 mol L-1 HCl 180 

(Suprapur, Merck). The large colloidal fraction (here defined as 0.015 to 0.2 µm) was 181 

quantified indirectly by taking the difference between these two size fractions. Four 182 

selected samples for dissolved LCu were also ultrafiltered at 1 and 10 kDa on a Merck 183 

Millipore Cross Flow system, and the permeate fraction was saved for analysis. The 184 

system was cleaned by circulating 30 mmol L-1  HCl (ultrapure, Roth) for 10 minutes after 185 

each sample. All sampling and cleaning was performed according to GEOTRACES 186 

protocols (https://geotracesold.sedoo.fr/images/Cookbook.pdf).  187 

 188 

2.2. Chlorophyll a, dissolved organic carbon and macronutrient analyses 189 

 Dissolved nutrient concentrations (phosphate, nitrate and silicate) were 190 

determined on board in samples collected from the towed-fish and from the CTD 191 

rosette using a continuous flow auto analyzer (SEAL QuAAtro). Reference materials 192 

(Kanso Co, Japan) were analyzed alongside samples in each run as quality control. 193 

Samples from salinities <25 were filtered (0.45 µm, 33 mm, polyethersulfone syringe 194 

filter, Fisher) to avoid interference from particulate material.  195 

Samples for Chl a were collected from the Niskin bottles on an aluminum CTD 196 

rosette. Samples were filtered through glass fiber filters (Fisher MF300, 0.7 µm) and the 197 

filters frozen at -80°C for shipment and storage. Samples were extracted into 90% 198 
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acetone, ultrasonicated, filtered through 0.2 µm PTFE filters (VWR International), 199 

diluted where necessary and analyzed for pigments by HPLC with fluorescence and 200 

diode array detection according to the method of Van Heukelem and Thomas (2001). 201 

We report total Chl a concentrations here. 202 

The samples for DOC analysis were filtered with a peristaltic pump using a 203 

Causapure pre-filter cartridge (1 μm, polypropylene, Infiltec) and a Causa-PES filter 204 

cartridge (0.1 μm, polyethersulfone, Infiltec). The filtration setup was thoroughly rinsed 205 

with sample before each use. Triplicates of 30 ml sample were collected in sample-206 

rinsed HDPE (high density polyethylene, Nalgene) vials, acidified to pH 2 (HCl 25%, p.a.) 207 

and stored at 4° C until analysis. DOC concentrations were measured by high 208 

temperature catalytic combustion on a Shimadzu TOC-VCPH instrument. Precision and 209 

accuracy were tested against the Atlantic deep-sea reference sample (D. Hansell, 210 

University of Miami, USA) and were better than 5%. 211 

 212 

2.3. Cu concentration analysis 213 

Samples were preconcentrated in order of increasing salinity using an automated 214 

Elemental Scientific Inc. (ESI) seaFAST system (seaFAST-picoTM) prior to analysis by 215 

inductively-coupled plasma-mass spectrometry (ICP-MS; Thermo Element XR); for the 216 

lowest salinity samples (S <1), no preconcentration was needed, and the samples were 217 

analyzed directly on the ICP-MS. Copper concentrations were measured using isotope 218 

dilution, as previously described (Rapp et al. 2017). Briefly, acidified seawater samples 219 

were spiked with a standard that contained known isotopic ratios. Each sample run was 220 
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also accompanied by manifold blanks, seawater quality controls (QCs) and National 221 

Research Council Canada (NRC-CNRC) standards CASS 6 and NASS 7 (Table 1). Prior to 222 

preconcentration, all samples were UV-irradiated for 4 hr in order to destroy existing 223 

organic complexation, which can result in incomplete column recovery (Biller and 224 

Bruland 2012). Samples were then preconcentrated on a chelating resin (either Wako or 225 

Nobias) using the seaFAST as follows. Sample seawater was mixed with ammonium-226 

acetate buffer (pH 8.5 ± 0.05) to reach a final pH of 6.2 ± 0.05 prior to loading onto the 227 

column. The column was rinsed with ultrapure water obtained from a Milli-Q® water 228 

purification system (Merck group), with a resistivity of 18.2 MΩ·cm and total organic 229 

carbon <5 ppb, and the trace metals were eluted in 1 mol L-1 nitric acid (UpA, Romil) 230 

with 1 ppb In as an internal standard. Between samples, the column was rinsed in 1 mol 231 

L-1 nitric acid without In. Finally, the trace metal counts were measured on the ICP-MS. 232 

Counts for 63Cu and 65Cu were normalized to In, the manifold blank counts were 233 

subtracted, and the 63Cu/65Cu ratio was used to determine Cu concentration based on 234 

the isotope spike. Uncertainty in Cu values was determined to be 11.2% based on lab 235 

values for the NRC standards (Table 1) using the Nordtest approach as described in Rapp 236 

et al. (2017). To determine concentrations in manifold blanks, which cannot be 237 

calculated using isotope spikes, a standard addition curve was used, and the limit of 238 

detection (LOD) was determined to be three times the standard deviation of the air 239 

blanks (n = 30, LOD = 5.2 pmol L-1). The riverine end members (S < 1) were run directly 240 

on the ICP-MS with an isotope spike without seaFAST preconcentration. 241 

 242 
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2.4. Cu-binding organic ligand analysis 243 

Samples for Cu-speciation were thawed overnight prior to analysis. Organic LCu 244 

concentrations and conditional stability constants (𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑 ) were analyzed using 245 

competitive ligand exchange adsorptive cathodic stripping voltammetry (CLE-AdCSV) 246 

(Campos and van den Berg 1994) on a 757 VA Computrace (Metrohm). Each sample was 247 

analyzed by measuring a set of 12 - 18 titration points as follows. The dissolved (<0.2 248 

µm) samples were generally analyzed using a 12-point titration unless otherwise 249 

specified (Supplemental Table S1) of 0 - 100 nmol L-1 added Cu, which included two 250 

sample seawater blanks and 10 additions of Cu. For the soluble and ultrafiltered 251 

samples, the titration was expanded to 18 points (two blanks, 16 additions of Cu), and 252 

the range was decreased to 0 - 60 nmol L-1 added Cu to obtain better resolution. Sample 253 

seawater (10 mL) was buffered with 70 µL of 0.01 mol L-1 ammonium borate buffer to 254 

reach a target pH 8.2 and a series of Cu-spikes (0 - 100 nmol L-1) were added in acid-255 

cleaned and pre-conditioned Polytetrafluoroethylene (PTFE; Teflon) pots. The actual pH 256 

was checked 3 times distributed evenly throughout the titration, and the average pH 257 

value was then used in the calculation for the side reaction coefficient for inorganic Cu 258 

(αCu’; Supplemental Table S1). The ligand salicylaldoxime (SA) was then added as a 259 

competing ligand using established methods (Campos and van den Berg 1994), and the 260 

resulting seawater was allowed to sit overnight. An analytical window corresponding to 261 

a competing ligand concentration of 10 µmol L-1 SA was used unless otherwise specified 262 

(Supplemental Table S1) to ensure a strong ligand class was detected (Bundy et al. 263 

2013; Whitby et al. 2018). Due to limited sample volume, multiple detection windows 264 
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could not be used. Each titration point was measured a minimum of 3 times by CLE-265 

AdCSV using a hanging mercury drop electrode (HMDE, Metrohm). The titration curves 266 

were fitted using ProMCC (Omanović et al. 2015) to obtain LCu concentration, 𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑  267 

and Cu2+ concentration as described in the Supplemental Information. 268 

After sample titration, a portion of each sample (30 - 60 mL) was transferred to 269 

an acid-cleaned LDPE bottle, acidified (pH <2) with HCl (Suprapur, Merck) and analyzed 270 

for trace metals following the methods described in section 2.2. The resulting Cu 271 

concentration values (Supplemental Table S1) were used in the LCu titration 272 

calculations.  273 

 274 

2.5. Electroactive humic substance analysis 275 

 The concentrations of eHS were analyzed using cathodic stripping voltammetry 276 

of their complexes with Cu (Whitby and van den Berg 2015). The voltammetric 277 

apparatus consisted of a µ-Autolab III potentiostat (Ecochemie, Netherlands) connected 278 

to a 663 VA stand (Metrohm) with hanging mercury drop electrode (HMDE). The 279 

reference electrode was Ag/AgCl with a 3 mol L-1 KCl salt bridge and a glassy carbon 280 

counter electrode. Samples were defrosted in the dark at 4 °C and analyzed within 3 281 

days. Before analysis, samples were swirled gently, and 10 mL was added to a glass 282 

voltammetric cell with an EPPS buffer (N-(2-hydroxyethyl)piperazine-N′-2-283 

propanesulfonic acid in 1 mol L-1 NH4; 100 µL addition to 10 mL seawater buffered the 284 

pH to 8.05) and 30 nmol L-1 added Cu (spectrophotometry standard, pH 2). This was 285 

purged with nitrogen for up to 5 minutes to remove dissolved oxygen prior to analysis. A 286 
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deposition potential of +0.05 V was used, usually for a deposition time of 60s (modified 287 

for some samples for all standard additions to remain within the linear range), with a 1s 288 

jump to -0.2 V and background subtraction (subtraction of a 1s scan), to improve the 289 

baseline and reduce interference from free Cu. Concentrations were analyzed using 290 

standard additions of the International Humic Substances Society (IHSS) Suwannee River 291 

humic acid (SRHA) standard (II 2S101H).  292 

 293 

2.6. Solid phase extraction and analysis  294 

The hydrophobic Cu fraction (SPE-Cu) was extracted onto a modified divinyl-295 

polystyrene solid phase (ENV+, 200 mg, 3 mL cartridge, Biotage, Sweden) at ambient 296 

sample pH. Between 500 mL (S = 0) and 2 L (S = 35) of each sample was passed in-line 297 

through a 0.2 µm PVDF filter cartridge (Sterivex, Sartorius) and then over the 298 

preconditioned cartridge (5 mL methanol, Optima LCMS grade, Fisher Scientific), 5 mL 299 

0.1 mol L-1 HCl (Trace metal grade, Fisher Scientific). The flow rate (ca. 10 mL min-1) was 300 

regulated via a vacuum pump. All plastic that came into contact with the sample 301 

(polytetrafluoroethylene, polystyrene or high-density polyethylene) was acid washed 302 

(0.1 mol L-1 HCl) prior to first use, and subsequently rinsed with ultrapure water. After 303 

preconcentration, excess seawater was removed from the cartridges, and the cartridges 304 

frozen at -20 °C and stored prior to extraction and analysis as described in the 305 

Supplemental Information.  306 

The concentration of dissolved organic carbon in the extracts (SPE-DOC) was 307 

determined after evaporation of a 200 µL sample aliquot to dryness in an oven (60 °C, 4 308 
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hours) in pre-combusted glass vials (450 °C, 8 hours). Residual carbon was re-dissolved 309 

in 0.1 mol L-1 HCl and analyzed by high temperature catalytic oxidation using a TOC 310 

analyzer (Shimadzu) following the method described in Badr et al. 2003. Our blank 311 

values, obtained from evaporating 200 µL aliquots of the elution solution along with our 312 

samples, were subtracted from our determined DOC concentrations prior to correcting 313 

for preconcentration factors and calculation of the final SPE-DOC concentrations. We 314 

obtained a blank value of 1.37±0.2 µmol C L-1 (n = 5).  315 

 316 

3. Results  317 

3.1. Sample grouping 318 

Samples were grouped for analysis based on salinity and source (Fig. 1). Our 319 

study took place on the Northwest Brazilian Continental shelf in a region that included 320 

the outflow of the Amazon and Pará River estuaries, their northward flowing waters 321 

combined as the Amazon River Plume, a mangrove-influenced area to the southeast and 322 

the surrounding waters of the North Brazil Current (NBC). The “Amazon Transect” 323 

encompassed the Amazon River outflow region at a wide range of salinities (S ~0.3 - 35). 324 

To the south, the “Pará Transect” represented a distinct river catchment area (S ~0.4 - 325 

28) fed by the Pará River and its main tributary the Tocantins River to the south. Upon 326 

estuarine mixing, the waters from both source rivers converge to form a plume of 327 

intermediate salinity (S ~ 10 - 26) that ages as it flows north (hereby referred to as 328 

“Plume North”). To the southeast of the Pará River, mangrove forests are a source of 329 

nutrients and organic matter from groundwater exchange (Dittmar and Lara 2001). 330 
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Samples collected parallel to this region (referred to as the “Mangrove Belt”) had 331 

salinities of 28 - 35 and elevated DOC concentrations (Fig. 2b, 3b). Finally, the NBC, 332 

which flows northwest from the South Equatorial current along the coast of northern 333 

Brazil, defined the seawater end members (S ≥35). 334 

 335 

3.2. Concentrations of chlorophyll a, dissolved organic carbon, silicate, nitrate and 336 

phosphate 337 

Chl a concentration, a proxy for biomass, was highest in the mid-high salinity 338 

region, reaching a maximum of 28 µg L-1 (S = 26.7; Fig. 2a, Fig. 3a). On the other hand, 339 

DOC concentrations generally decreased with increasing salinity (Fig. 2b, Fig. 3b), 340 

ranging from 305 µmol L-1 (S <1) to 40 µmol L-1 (S >35), consistent with a large terrestrial 341 

input of DOM from both Amazon and Pará Rivers. In addition, elevated DOC 342 

concentrations were observed in the Mangrove Belt samples (S >28).  343 

Silicate, which derives from continental weathering and can serve as a riverine 344 

input tracer, also decreased as salinity increased (Fig. 2c, Fig. 3c). However, silicate 345 

drawdown was also observed in a few samples of intermediate salinity, indicating 346 

possible biological uptake (Fig. 3c). Nitrate concentrations decreased with increasing 347 

salinity but also showed a deviation below values expected form conservative mixing in 348 

the Amazon and Pará Transects in the mid salinity range (S ~10 - 20) (Fig. 3d). On the 349 

other hand, phosphate concentrations displayed a mid-salinity maximum (Fig. 3e). 350 

Nitrate-to-phosphate (N:P) ratios were highest in the river end member (35 µmol µmol-351 

1, Supplemental table S2), but decreased to 14 µmol µmol-1 at the phosphate maximum, 352 
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indicating that the increase in phosphate was likely the result of phosphate desorption 353 

and remobilization from sediments or suspended particles, rather than regeneration of 354 

organic matter. 355 

 356 

3.3. Dissolved and soluble Cu distribution 357 

Dissolved (<0.2 µm) and soluble (<0.015 µm) Cu concentrations both had a 358 

strong inverse correlation to salinity (R = 0.95 and 0.91, respectively, n = 102 and 72, 359 

respectively; p <0.0001) (Fig. 2d, Fig. 4a-b), indicating that both size fractions were 360 

primarily governed by conservative mixing.  Concentrations of dissolved Cu decreased 361 

from 35±3 nmol L-1 in the Amazon River end member (S = 0.3) and 18±2 nmol L-1 in the 362 

Pará River end member (S = 0.4) samples to 0.6 - 2.3 nmol L-1 in the high-salinity NBC 363 

samples (S ≥35) (Fig. 4a). Concentrations of soluble Cu followed a similar trend to the 364 

dissolved fraction and ranged from 25±3 nmol L-1 (S = 0.6, Amazon Transect) and 14±3 365 

nmol L-1  (S = 0.4, Pará Transect) to 1.1±0.1 nmol L-1 (S = 35.8) (Fig. 4b). Although Cu 366 

concentrations in the dissolved and soluble fractions correlated positively with each 367 

other (Supplemental Fig. S1a,d, Supplemental Table S3), local differences were 368 

apparent. A paired t-test showed that the data sets for soluble and dissolved Cu 369 

(Supplemental Fig. S2a, Supplemental Table S4) were significantly different from each 370 

other at low salinities (S <10; p = <0.0001, n = 21) but not overall (S = 0.3-36; p > 0.05, n 371 

= 71). The maximum large colloidal Cu concentration, defined as the difference between 372 

soluble (<0.015 µm) and dissolved (<0.2 µm) Cu, was observed in the Amazon River end 373 

member (S = 0.3, 15±5 nmol L-1, 42% of dissolved) (Fig. 4a-b, Fig. S2a, Supplemental 374 
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Table S4). Our data therefore indicate that a low-salinity large colloidal Cu fraction 375 

exists, but decreases upon seawater mixing and subsequent flocculation.  376 

For the ultrafiltered (UF) <1 and <10 kDa samples, Cu was analyzed from the LCu 377 

sample aliquots, since no UF samples were collected separately for Cu concentration 378 

analysis. Cu concentrations in the <10 kDa size fraction correlated positively with the 379 

dissolved and soluble fractions but had no significant correlation in the <1 kDa fraction 380 

(Supplemental Fig. S1a,d, Supplemental Table S3). In both the <1 and <10 kDa 381 

fractions, Cu concentrations decreased with respect to salinity, but generally increased 382 

when expressed as percentage of total Cu (Fig. 4c).  383 

 384 

3.4. Apparent Cu-binding organic ligands, conditional stability constants and Cu2+ 385 

concentrations 386 

In both dissolved and soluble size fractions, a single class of LCu (12.6 ≤ log 387 

𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑 ≤ 15.2) (Fig. 5a-b) was detected in excess of Cu (Fig. 4a). We were unable to 388 

fit ~20% of the samples due to insufficient curvature (mostly the dissolved fraction in 389 

the low-salinity Amazon Transect; Supplemental Table S1), indicating that the detection 390 

window was too high for these samples or that strong binding sites were already 391 

saturated with Cu or other metals. In contrast to dissolved Cu (Fig. 4a) and DOC (Fig. 392 

3b), concentrations dissolved LCu initially increased with respect to salinity (Fig. 5a), 393 

reaching a maximum of 83±14 nmol eq Cu L-1 (S = 6.2) in the Amazon Transect and 76±8 394 

nmol eq Cu L-1 (S = 9.8) in the Plume North. The maxima were followed by a decrease in 395 

all samples as salinity increased. 396 
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 LCu in the soluble fraction decreased with respect to salinity throughout the full 397 

salinity range (Fig. 5b) and correlated positively with the dissolved fraction 398 

(Supplemental Fig. S1b,e, Supplemental Table S3). Unlike the dissolved fraction 399 

however, no mid-salinity increase in soluble LCu was observed. As a result, the highest 400 

large colloid concentrations were observed from S = 6.2 (35±15 nmol eq Cu L-1, 43% of 401 

total) to S = 9.8 (57±8 nmol eq Cu L-1, 75% of total) (Supplemental Fig. S2b, S3a, 402 

Supplemental Table S1.). 403 

Stability constants for Cu-organic ligand complexes (log𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑 ) were 404 

generally lowest in low-mid salinity samples. In the dissolved fraction, the weakest 405 

ligands were detected at S = 6.2 in the Amazon Transect (log𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑 = 12.6 ± 0.1) and 406 

at S = 9.8 in the Plume North (log𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑  = 12.8 ± 0.06) (Fig. 5c), corresponding with 407 

the LCu concentration maxima (Fig. 5a). The strongest ligands in the dissolved size 408 

fraction were observed in the Pará River end member (S = 0.4,  log𝐾′
𝐶𝑢𝐿,𝐶𝑢2+

𝑐𝑜𝑛𝑑
= 15.2 ± 409 

0.2). For the other transects, the binding strength gradually increased with increasing 410 

salinity, reaching a maximum of log𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑 = 14.5 ± 0.1 (S = 34.2). In the soluble size 411 

fraction, similar trends were observed (Fig. 5d). The apparently weakest ligands were 412 

present at S = 5.6 (log  𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑 = 13.2±0.05), followed by an increase to a maximum at 413 

S = 22.5 (log 𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑 = 14.9±0.3). For higher salinities, the stability constants remained 414 

relatively stable (log 𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑 = 14.2 to 14.4). 415 

The ultrafiltered (UF) LCu samples were lower in concentration than the soluble 416 

size fractions at the two lower salinities (S = 0.3, 19.1) and within error of the soluble 417 

size fraction at higher salinities (S = 29.0, 35.8) (Fig. 5b). In both UF fractions, LCu 418 
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concentrations decreased with respect to salinity (Fig. 5b), but only the <1 kDa showed 419 

a significant correlation with the dissolved and soluble fractions (Supplemental Fig. 420 

S1b,e, Supplemental Table S3). The stability constants for all ultrafiltered samples were 421 

uniformly high (log 𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑  = 14.9±0.4 to 15.6±0.2) (Fig. 5d) and generally exceeded 422 

those of the soluble and dissolved fractions (Fig. 5c-d). 423 

To determine ligands present in excess of Cu (LCu’), the difference was taken 424 

between LCu and Cu concentrations measured in the speciation samples. In all dissolved 425 

samples where LCu could be calculated, ligands were present in excess of Cu 426 

(Supplemental Fig. S3a-b). The dissolved LCu’ maxima were detected at S = 6.1 (60±14 427 

nmol eq Cu L-1) and S = 9.8 (59±8 nmol eq Cu L-1) corresponding to maxima in total LCu 428 

(Fig. 5a). In the soluble fraction, LCu’ also followed a similar trend to total soluble LCu 429 

concentrations (Fig. 5b, f) and decreased with respect to salinity. 430 

Free Cu can be expressed as pCu = -log(Cu2+), where Cu2+ is the free Cu in mol L-1. 431 

Free Cu was lowest in the dissolved Pará River end member sample (pCu = 15±1), which 432 

corresponded with a high log 𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑  (15.2±0.1). The soluble and UF samples 433 

generally fell within the same range as the dissolved samples (pCu ~13-16, Fig. 5f), with 434 

two exceptions: the S = 8.6 soluble sample (pCu = 10.1±0.3) and the S = 28.8 <10 kDa UF 435 

sample (pCu = 10.5±0.5). In both cases, Cu concentrations apparently exceeded LCu 436 

(Supplemental Table S1).  437 

αLCu, is defined as the product of LCu’ and 𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑  (Supplemental Fig. S3c-d). In 438 

general, log αLCu followed a similar trend to pCu, as Cu2+ availability decreased with 439 

increased LCu’ and 𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑 . We observed similar values among the soluble and 440 
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dissolved fractions (log αLCu ~5 - 7). In general, the UF fractions were slightly higher than 441 

the corresponding dissolved and soluble samples, reflecting the high conditional 442 

stability constants. 443 

 444 

3.5. Electroactive humic substances 445 

In all samples, eHS (expressed in terms of Suwannee River Humic Acid, SRHA, as 446 

mg eq SRHA L-1) were detected and predominated in the soluble size fraction (Fig. 6a-b), 447 

with large colloids present throughout a broad salinity range (Supplemental Fig. S2c, 448 

Fig. S4c-d). As observed for both Cu (Fig. 4a-b) and LCu (Fig. 5a-b), eHS generally 449 

decreased with respect to salinity (Fig. 6a-b), indicating a freshwater/terrestrial source. 450 

However, non-conservative behavior was also apparent, including a low-mid salinity 451 

maximum for dissolved samples similar to that observed for LCu. A maximum in 452 

concentration was observed in the Pará samples at S = 5.1 (eHS = 3.8±0.3 mg eq SRHA L-453 

1) and similarly for the Amazon samples at S = 8.2 (7.2±0.6 mg eq SRHA L-1), although the 454 

latter was within error of the S = 0.3 Amazon River end member. In addition, the source 455 

of the river end member was important at low salinities: the Pará River end member (S 456 

= 0.4, eHS = 2.5±0.3 mg eq SRHA L-1) was much lower than the Amazon River end 457 

member (S = 0.3, eHS = 6.3±0.7 mg eq SRHA L-1). At higher salinities, eHS generally 458 

decreased until reaching a low 0.15±0.02 mg eq SRHA L-1 (S = 36.3).  459 

 Soluble eHS concentrations also decreased with salinity but had a maximum 460 

concentration in the Amazon River transect at S = 0.6 (eHS = 6.2±0.5 mg eq SRHA L-1) 461 

(Fig. 6b). No soluble eHS data exist for the Pará Transect. As a result of the offset in 462 
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maxima between the soluble and dissolved fractions, a maximum in large colloids was 463 

observed at S = 8.2 (4.0±0.6 mg eq SRHA L-1, 55% of total). This follows a similar trend to 464 

the LCu large colloid fraction (maximum at S = 6.2-9.8), although large eHS colloids were 465 

detected throughout a broad salinity range (Supplemental Fig. S2c, Supplemental Fig. 466 

S4b, Supplemental Table S5).  467 

 468 

3.6. Solid phase extractable Cu  469 

Example SECs for UV absorbance at 254 nm (a254) and Cu for four samples from 470 

the Amazon plume, Mangrove area and NBC are shown in the supplementary 471 

information (Supplemental Fig. S5). We observed two a254 nm peaks (Supplemental 472 

Fig. S5): a major, well-retained peak (RT = 24.7±0.5) that corresponded to a low 473 

molecular weight (LMW) fraction and a minor peak that was less well retained (RT = 474 

10.9±0.9 min) and corresponded to a high molecular weight fraction. The LMW peak 475 

eluted at a similar retention time to our lowest PSS standard (4300 Da, RT = 24.7 min) 476 

but later than Suwanee River humic and fulvic acid (RT: 22.13±0.09 and 22.19±0.07 mins 477 

respectively) and earlier than the peak for the vitamin thiamine (MW = 265, RT = 27.6). 478 

The HMW peak eluted earlier than our largest PSS standard (>150000 Da PSS 479 

equivalents). We observed only one well-retained peak for Cu in all samples 480 

(Supplemental Fig. S5) that largely co-eluted with the a254 nm peak, although the apex 481 

of the peak was typically slightly earlier (Supplemental Fig. S5, RT = 24.3±0.3). 482 

Both SPE-Cu and a254 nm associated with the well retained peak correlated 483 

negatively with respect to salinity and followed a distribution expected from 484 
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conservative mixing (Fig. 7a, Supplemental Table S6). The maximum dissolved SPE-Cu 485 

(2.3 nmol L-1) was observed in the Amazon River end member sample (S = 0.03). 486 

Concentrations declined to ≤ 0.02 nmol L-1 in the offshore NBC seawater end member 487 

samples (S >35). Concentrations of SPE-Cu strongly correlated with the LMW a254 peak 488 

areas (R = 0.99, n = 24, p <0.001). Interestingly, the Mangrove Belt stations were 489 

elevated in SPE-Cu relative to the Amazon, Pará and NBC stations in a similar salinity 490 

range (Fig. 7a, Supplemental Table S6), which was also reflected in several DOC data 491 

points (Fig. 3b). 492 

Comparison of SPE-DOC with DOC concentrations determined in samples 493 

collected at the same depth and stations resulted in linear relationship (R2 = 0.44, p 494 

<0.01, n = 22) with an intercept within error of zero (-0.2±2.9) (Supplemental Fig. S6, 495 

Supplemental Table S7). The slope (0.08±0.02) suggested a relatively low recovery of 496 

8% compared to recoveries typically obtained for preconcentration of DOC at pH 2 using 497 

PPL resins (e.g. 40 to 75 %; (Green et al. 2014 and references therein), but similar to 498 

efficiencies (ca. 10%) previously observed for neutral extractions of DOC from coastal 499 

seawater (Waska et al. 2015). 500 

Samples for dissolved Cu analysis were collected from the towed-fish whilst 501 

underway, whereas samples for SPE-Cu were collected on station using the standard 502 

CTD, therefore the recovery for Cu was estimated using the slopes of their respective 503 

salinity-plots. A negative linear relationship with respect to salinity was observed for 504 

both dissolved Cu (slope = -0.60±0.02, R = 0.95, n = 102, p <0.0001) and SPE-Cu (slope = -505 

0.039±0.004, R = 0.88, n = 24, p <0.0001), yielding a Cu recovery of 7±1%.  506 
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 507 

4. Discussion  508 

4.1. Cu in the Amazon remains largely conservative and below potentially toxic levels 509 

Dissolved Cu distributions largely followed values expected from conservative 510 

mixing, although we observed differences between estuarine regions, reflecting 511 

different freshwater and terrestrial sources (Amazon River, Pará River and Mangrove 512 

Belt). Linear regression of dissolved Cu concentrations vs. salinity (nmol L-1 Cu per unit 513 

salinity; Table 2) showed the steepest Cu decline in the Amazon Transect, followed by 514 

the Plume North, the Pará Transect and the Mangrove Belt. The NBC stations (S≥35) did 515 

not have a significant linear relationship with salinity (p >0.05). The slopes of the 516 

Amazon, Plume North and Pará Transects were lower in the soluble than in the 517 

dissolved fraction, reflecting an early decrease in large Cu-bearing colloids. 518 

Growth inhibition due to Cu toxicity may occur for eukaryotic phytoplankton at 519 

pCu <12 (Cu2+ >10 pM), and for cyanobacteria at pCu <13 (>1 pM) (Brand et al. 1986). In 520 

all dissolved samples, free Cu remained below potentially toxic concentrations (pCu > 521 

13), although in one soluble and one UF sample, pCu was below 13 (Fig. 5d-e). In the 522 

environment however, all size fractions of ligands exist together and can exchange ions 523 

(Dulaquais et al. 2020). Thus, our dissolved pCu data indicate that Cu2+ did not likely 524 

reach levels potentially toxic to phytoplankton. 525 

 The mostly conservative behavior of Cu across the salinity gradient is consistent 526 

with previous estuarine studies in a variety of different environments: similar trends 527 

have been observed in the Amazon River estuary in a previous study (Boyle et al. 1982), 528 
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the Bang Pakong River estuary in Thailand (Windom et al. 1988), the Po River plume in 529 

the Adriatic (Illuminati et al. 2019), several North American estuaries (Cutter 1991) and 530 

several Chinese river systems including the Yangtze, Minjiang and Jiulongjiang River 531 

estuaries (Zhang 1995). On the other hand, deviations from conservative behavior have 532 

also been reported in some estuaries, and may result from Cu-removal to scavenging, 533 

colloidal flocculation and/or biological uptake (Windom et al. 1988; Abdel-Moati 1990; 534 

Zhang 1995; Tang et al. 2002; Pavoni et al. 2020). Despite observed biological 535 

productivity however, evidenced by elevated Chl a concentrations (Figure 3a) and 536 

silicate drawdown (Figure 3c) attributed to diatom growth (Zhang et al. 2020), we 537 

observed a mostly conservative distribution of Cu in the study area.  538 

A comprehensive study of major Amazon tributaries quantified the overall trace 539 

metal fluxes from the Amazon River, and observed increased Cu concentrations during 540 

higher seasonal discharge conditions (Seyler and Boaventura 2003); however, the study 541 

evaluated only riverine samples, and the authors called for a need for further estuary 542 

studies due to the complicating factors involved in river-seawater mixing. Boyle et al. 543 

(1982) observed a Cu distribution governed mostly by conservative mixing in the 544 

Amazon estuary and mixing plume on two cruises in June of 1974 and 1976 (Fig. 8), with 545 

non-conservative Cu drawdown corresponding to an unusually slow circulating plume in 546 

1974. In more recent decades however, the Amazon catchment area has experienced 547 

major anthropogenic disturbances (Coe et al. 2009; Davidson et al. 2012; Castello et al. 548 

2013), which can be expected to have an impact on trace metals in the Amazon River. 549 

For example, forest fires in the Amazon emit large amounts of Mn, Cu and Zn into the 550 
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atmosphere (Yamasoe et al. 2000) and gold mining can cause Hg, Cu and Zn pollution in 551 

sediments and soils (Rodrigues Filho and Maddock 1997; Lacerda et al. 2004; Cesar et al. 552 

2011). Despite these anthropogenic impacts to the Amazon basin, our study finds 553 

remarkably little change compared to 1976 (Boyle et al. 1982) for dissolved Cu 554 

concentration in  the Amazon River estuary region and mixing plume during the high-555 

discharge period (Fig. 8).  556 

 557 

4.2. Soluble ligands mitigate large colloidal Cu formation 558 

Deviations from conservative mixing behavior of Cu and other metals has been 559 

attributed to colloidal flocculation upon river-seawater mixing in a variety of different 560 

estuaries (Sholkovitz 1976; Abdel-Moati 1990; Zhang 1995; Tang et al. 2001; Pearson et 561 

al. 2017; Pavoni et al. 2020). In contrast, we observed mostly conservative behavior in 562 

Cu concentrations in the dissolved and soluble fraction (Fig. 4, Supplemental Fig. S2a). 563 

Our data therefore show that Cu concentrations in the study area are influenced 564 

primarily by physical mixing, although a minor large-colloid fraction at low salinity (S 565 

<10) also suggest that dissolved Cu is partly influenced by colloidal flocculation during 566 

early mixing.  567 

On the other hand, we detected distinct low-mid salinity maxima for large LCu 568 

colloids (S = 9.8, 57±8 nmol L-1, 75% of total) and eHS (S = 8.2, 4.0±0.6 mg eq SRHA L-1, 569 

55% of total) (Supplemental Fig. S2b-c, Supplemental Fig. S4). Our LCu and eHS data are 570 

similar to a recent study in the Loire River estuary (France), which observed a positive 571 

anomaly in the dissolved fractions of at S ~4.5, while the soluble fractions were more 572 
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conservative (Dulaquais et al. 2020). Our results suggest that the strong buffering of Cu 573 

by organic ligands mitigates formation of large Cu-containing colloids, and subsequent 574 

colloidal flocculation, throughout most of the estuary. It is also worth noting however, 575 

that competition with other metals such as iron (Fe) may also play a role in excluding Cu 576 

from the colloidal phase. Competition for ligands among trace metals depends on both 577 

the concentrations of these trace metals and the character of binding sites in the ligands 578 

present (Avendaño et al. 2016), and high concentrations of Fe(III) bound to organic 579 

matter and colloidal Fe-oxides can inhibit the formation of colloidal Cu-humic substance 580 

complexes when the ratio of dissolved Fe to Cu is high (Muller and Cuscov 2017). Future 581 

studies into Fe and Fe-binding ligands in this region are needed for a more complete 582 

understanding of the role of trace metal-organic ligand competition in the Amazon 583 

estuary.  584 

The conditional stability constants (log 𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑  12.6 - 15.2) of the Cu-585 

complexing ligands were similar across all size fractions, and comparable to values 586 

reported previously in other estuaries (log 𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑  range ~11-16; Tang et al. 2001; 587 

Shank et al. 2004; Muller and Batchelli 2013; Whitby et al. 2017; Dulaquais et al. 2020). 588 

In general, we observed slightly higher log 𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑  in the soluble fraction than the 589 

dissolved size fractions, and highest values in the UF (<1 kDa and <10 kDa) fractions (Fig. 590 

5c-d). The apparently weaker large colloidal fraction is consistent with the observed 591 

preferential size partitioning of Cu into the soluble fraction, which is buffered by 592 

comparatively stronger ligands. Similar trends in relative binding strength (stronger 593 

smaller ligands and weaker larger ligands) were observed in previous estuarine studies 594 
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(Wells et al. 1998; Muller and Batchelli 2013), although other studies have observed 595 

opposite trends (Tang et al. 2001; Dulaquais et al. 2020), or no significant association 596 

between size fractionation and binding strength (Muller and Cuscov 2017).  597 

The lowest log 𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑  was detected at the dissolved and large colloidal LCu 598 

maximum (Fig. 5c). The observed increase in weaker LCu as well as eHS may suggest a 599 

possible source of autochthonous ligand production in addition to the terrestrially-600 

derived pool (Muller and Batchelli 2013). Cu-binding ligands and humic-like substances 601 

can be produced during phytoplankton growth (Lorenzo et al. 2007; Mellett et al. 2018; 602 

Nixon et al. 2019) or decay (Lorenzo et al. 2007), and we observed primary production 603 

(Chl a production, macronutrient drawdown; Fig. 3) across a wide salinity range. This is 604 

consistent with input of phytoplankton-derived DOM in regions of the plume where 605 

turbidity decreases due to flocculation of riverine particles, although terrestrial DOM 606 

generally remains dominant in the river plume (Medeiros et al. 2015).  607 

Ultrafiltered (UF) concentrations of Cu (Fig. 4c) and LCu (Fig. 5b) were either 608 

lower than or within error of the soluble fractions in all samples. The <1 and <10 kDa 609 

fractions are defined by weight, and therefore do not have a direct relationship to pore 610 

size, but weight and pore size have been empirically related for different filter 611 

membranes. For Millipore membranes, a weight range of 1 - 10 kDa has been found to 612 

correspond an estimated pore diameter range of ~2.8 - 4.4 nm (Sarbolouki 1982), well 613 

below the 0.015 µm maximum for the soluble size fraction. While the concentration of 614 

<1 and <10 kDa Cu decreased with increasing salinity, it increased as a percentage of 615 

total dissolved Cu, with <1 kDa Cu increasing from 9±1% in the Amazon River end 616 
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member to 75±8% in the NBC seawater end member. Similarly, <1 and <10 kDa LCu were 617 

much lower in concentration than the soluble fraction in the riverine end member, but 618 

indistinguishable from the soluble fraction at higher salinities. This suggests that Cu and 619 

LCu were associated with a distinct class of smaller colloids (4.4 to 15 nm) present mainly 620 

at low salinities.  621 

The inverse correlation between measured log 𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑  and LCu concentrations 622 

(Supplemental Fig. S7) in both the dissolved (R = 0.7, n = 16, p <0.01) and soluble (R = 623 

0.6, n = 20, p <0.01, n = 20) fractions may be partly a reflection of Cu concentrations, as 624 

higher Cu can be expected to both decrease apparent binding strength and increase 625 

apparent LCu. This correlation indicates a ligand pool with a highly heterogeneous 626 

mixture of binding sites (Town and Filella 2000b), and the measured LCu reflects an 627 

average across different binding strengths.  628 

We further characterized the relative molecular size of a hydrophobic Cu and 629 

DOC pool isolated by SPE at neutral pH via HPSEC. As expected from our Cu and DOC 630 

concentration data (Fig. 3b, Fig. 4a) and a previous study of estuarine SPE metals and 631 

DOM (Ksionzek et al. 2018), SPE-Cu decreased with increasing salinity. We extracted an 632 

estimated 7±1% of the dissolved Cu pool and 8±2% of the DOC at neutral pH, and the 633 

relatively low recovery for DOC of the neutral SPE extractions could thus explain the 634 

relatively low SPE-Cu concentration values compared to dissolved Cu (Fig. 4a). All of the 635 

Cu in this fraction eluted within the size range between thiamine and Suwannee River 636 

humic and fulvic acids and is thus comparable in size to the <10 kDa ultrafiltered 637 

fraction. Furthermore, the size range of our isolated DOM is similar to size ranges 638 
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previously determined for natural organic matter isolated from aquatic environments by 639 

solid phase extraction (Perminova et al. 2003). The Cu peak coeluted with the broad 640 

a254 absorbance peak. A detailed discussion of the spectrophotometric and 641 

spectrometric character of this broad peak will be presented elsewhere, however we 642 

note that the broad a254 nm peaks obtained for our estuarine samples are consistent 643 

with previous studies of size exclusion chromatography of natural organic matter 644 

(Perminova et al. 2003; Woods et al. 2010; Hawkes et al. 2019). Such broad peaks are 645 

considered to comprise a heterogeneous mixture of organic compounds that 646 

incorporate aromatic compounds, carboxylic-rich alicyclic molecules (CRAM) and small 647 

biomolecules (Hawkes et al., 2019, Wood et al., 2009). The coelution of Cu with this 648 

peak therefore supports a strong link between Cu and the bulk components of DOM in 649 

the study area and suggests that at least 8% of the dissolved Cu pool is complexed to 650 

binding sites within DOM that are heterogeneous in character. This is thus consistent 651 

with our eHS results and the heterogeneity suggested by the inverse correlation 652 

between log 𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑  and LCu (Supplemental Fig. S7).   653 

Taken together, our results suggest that riverine DOM is the primary control on 654 

Cu transport and speciation in this part of the Northwest Brazilian Continental Shelf. In 655 

contrast to eHS and apparent LCu, no increase in SPE-Cu was observed in the low to mid-656 

salinity range. As SPE is known to also fractionate natural organic matter according to 657 

size (Raeke et al. 2016; Hawkes et al. 2019), we note that it is possible that the SPE 658 

method we used does not preconcentrate this colloidal fraction. Nevertheless, our SPE-659 
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Cu data mirrors the Cu concentrations and is consistent with the partitioning of 660 

dissolved Cu primarily into the soluble fraction. 661 

 662 

4.3. Distinct source signatures are observed from the Amazon and Pará Rivers and 663 

Mangrove Belt 664 

Differences were noted between the Pará and Amazon River outflow regions. 665 

Dissolved and soluble Cu concentrations (Fig. 4a-b) and dissolved eHS (Fig. 6a) were 666 

much higher in the Amazon River end member samples. Interestingly, the dissolved Pará 667 

River end member also had the highest log 𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑  of all the dissolved samples 668 

measured (Fig. 5c). These apparently strong Pará ligands corresponded to a higher pCu 669 

(Fig. 5e), although all dissolved samples remained below potentially toxic levels of free 670 

Cu (pCu ≥13). These findings highlight differences in the concentrations of dissolved and 671 

free Cu, as well as different compositions of organic ligands, eHS and their binding 672 

strength in the Amazon and Pará River outflow regions. However, these differences 673 

equalized quickly upon estuarine mixing (S ≥10), and the Amazon, Pará and Plume North 674 

transects follow a similar trend at higher salinities. 675 

The differences between the Amazon and Pará Rivers may be partly attributed to 676 

their distinct catchment areas. The Pará River is fed from the Tocantins River and 677 

watershed to the south, which has suffered greater anthropogenic impacts from 678 

deforestation and agricultural development (Coe et al. 2009). As a result, the Tocantins 679 

has experienced increased surface runoff and volume output over the past ~70 years 680 
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(Costa et al. 2003), which can be expected to alter its geochemistry and trace metal 681 

concentrations.  682 

During sampling, a noticeable green coloration in the water at the Mangrove Belt 683 

was observed and attributed to an influx of mangrove-derived groundwater and 684 

heightened productivity. Mangroves contribute more than 10% of the refractory 685 

terrestrial DOC to the global oceans (Dittmar et al. 2006). Indeed, several of the 686 

Mangrove Belt samples (S ~29 - 32) displayed elevated DOC concentrations and SPE-Cu 687 

(Fig. 3b, Fig. 7a) compared to values expected from purely conservative mixing, 688 

although this was not observed for eHS or LCu (Fig. 5-6) A distinct fraction of small 689 

colloidal Cu (1 kDa-10 kDa) was also observed in the Mangrove Belt (S = 28.8, Fig. 4c), 690 

but was not detected in the NBC (S = 35.8) or mid-salinity Amazon (S = 19.1) samples. 691 

These apparent anomalies in the Mangrove Belt may be partly attributed to the 692 

influence of macrotides that flood the mangrove forests (Lara and Dittmar 1999), 693 

leading to an influx of nutrient- and DOM-rich groundwater (Dittmar and Lara 2001).  694 

 695 

4.4. Comparison of analyses  696 

Three approaches discussed in this paper (voltammetric determination of LCu and 697 

binding strength using SA, voltammetric determination of eHS using SRHA, and 698 

determination of SPE-Cu with SEC) provide complimentary ways to analyze different 699 

aspects of Cu-organic matter speciation. Our data confirm the importance of organic 700 

complexation, primarily with terrestrial organic ligands, in governing the behavior of Cu 701 

and preventing free Cu from reaching potentially toxic levels in the Amazon and Pará 702 
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River estuaries, Mangrove Belt and mixing plume. While Cu binding sites were detected 703 

in both soluble and dissolved fractions, Cu appears to be preferentially partitioned into 704 

the soluble fraction, although a minor large-colloidal Cu fraction was also detected at 705 

low salinity. The apparent solubilization of Cu is consistent with the high affinity of Cu 706 

for DOM and low affinity to particles.  707 

Despite the good agreement among the methods utilized, each has advantages 708 

and limitations. Voltammetric ligand analysis, while instructive, is necessarily an 709 

oversimplification in heterogeneous solutions. The traditional fitting to one or two 710 

ligand classes cannot fully measure the heterogeneity that is actually present in organic 711 

matter, and which results in a distribution of stability constant values (Town and Filella 712 

2000a; Town and Filella 2000b). We were only able to achieve single-ligand class fitting 713 

in most samples, although the observed inverse correlation between apparent LCu and 714 

log 𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑  indicate a high degree of heterogeneity (Supplemental Fig. S7). In reality, 715 

the calculated values for log 𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑  are conditional averages, and the two 716 

parameters are not truly independent, so that an increase in LCu will be reflected by a 717 

decrease in log 𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑 . Furthermore, our values for LCu and log 𝐾′𝐶𝑢𝐿,𝐶𝑢2+

𝑐𝑜𝑛𝑑  were both 718 

more variable than eHS and SPE-Cu, indicating that the results may be partly influenced 719 

by the variable ionic strength of the estuarine samples or variable Cu concentrations. 720 

One way to better represent the wide distribution of ligands is to use more than one 721 

detection window (Town and Filella 2000b; Buck and Bruland 2005), but due to limited 722 

sample volume, we could only apply a single detection window, and so the scope of 723 

detectable LCu concentrations and conditional stability constants was limited. In 724 
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addition, we were unable to calculate LCu and log 𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑  in 12 out of 59 samples 725 

(Table S1) due to insufficient curvature in the titrations, indicating that the detection 726 

window may have been too high, or that binding sites were already saturated with Cu or 727 

other metals. Future analysis at multiple detection windows would likely provide an 728 

improved picture of the full range of Cu-organic matter interaction in this region.  729 

 Measuring eHS in terms of SRHA enabled us to quantify the humic-like portion of 730 

the ligand pool. However, as humic substances represent a range of molecular weights 731 

and binding capacities, any conversion to moles is necessarily an estimate. Such 732 

conversions have been made in other studies using titrations with Suwannee River 733 

humic and fulvic acid standards (Dulaquais et al. 2020; Whitby and van den Berg 2015). 734 

The Amazon River plume contains a large fraction of terrestrial DOM but additional 735 

autochthonous DOM is added in the plume by phytoplankton and terrestrial DOM is 736 

continuously altered by bacterial and photochemical transformations (Medeiros et al., 737 

2015). This complex DOM mixture is rather different from the Suwannee River 738 

standards, including suspected autochthonous ligand production in the plume, and 739 

therefore it was not possible to establish quantitative binding capacities for eHS 740 

throughout the entire river-to-ocean-continuum. Nevertheless, initial estimates based 741 

on the relationship of eHS to dissolved Cu suggest a binding capacity of approximately 742 

3.3 nmol L-1 Cu per mg of eHS for the dissolved fraction and 4.0 nmol L-1 Cu per mg eHS 743 

for the soluble fraction (Supplemental Fig. S8, Supplemental Table S8), which are in 744 

good agreement with previously reported values (Kogut and Voelker 2001). This value is 745 

lower than values reported in some European estuaries (Whitby and van den Berg 2015; 746 
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Dulaquais et al. 2018). Using this estimate to compare the concentrations of eHS to 747 

dissolved Cu and Cu-binding ligand concentrations, eHS appear to compose a variable 748 

fraction of total LCu, with the lowest contribution at low salinities (Supplemental Fig. S9, 749 

Supplemental Table S5). This is consistent with findings by Dulaquais et al. (2020) and 750 

Whitby et al. (2017),where other Cu-specific groups such as thiols and amino acids 751 

dominate Cu complexation at low salinities. In the future, further method development 752 

will be useful to more rigorously quantify eHS binding strength and molar concentration 753 

specific to the study area, in order to better quantify eHS in the Amazon estuary.    754 

 Solid phase extraction provided a third approach to assess a portion of the Cu-755 

organic pool by isolating and quantifying a selective hydrophobic Cu fraction. Due to low 756 

yield (ca 7%, see section 3.6), the reported SPE-Cu reflects a relatively small fraction of 757 

the total Cu-organic matter. Nevertheless, our SPE-Cu results showed similar trends 758 

compared to DOC, Cu and eHS (Fig. 3a, Fig. 4a-b, Fig. 7a). Furthermore, this method can 759 

be paired with mass spectrometry to characterize DOM at a molecular level (Waska et 760 

al. 2015). In future studies, this approach can be used to further understand the 761 

composition Cu-organic matter pool. 762 

 763 

4.5 Limitations and future direction 764 

All size classes are operationally-defined. Although our colloidal size range is 765 

similar to a previous estuarine study (Dulaquais et al. 2020), other studies use a range of 766 

lower cut-offs from 1 kDa to 10 kDa (e.g. Wilkinson et al. 1997; Wells et al. 1998; Tang et 767 

al. 2001; Muller and Batchelli 2013; Pavoni et al. 2020), making direct comparison of 768 
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these size fractions challenging. Moreover, the observed size partitioning may partly 769 

reflect biases during filtration. Although stringent trace metal protocols were followed, 770 

the higher-than-expected contribution of the soluble fraction (soluble > dissolved) at 771 

low concentrations indicates that some contamination may have occurred, as the 772 

soluble fraction requires an additional filtration step. It is also possible that changing 773 

ionic strength influenced apparent Cu and LCu concentrations by altering membrane 774 

and/or particle size. Higher ionic strength solutions may be expected to make the 775 

volume of a gel membrane shrink, possibly causing an underreporting of the <1 and <10 776 

kDa size fractions. On the other hand, increased ionic strength and pH can shrink 777 

colloids by altering charge and enhancing electrostatic bonding, resulting in apparently 778 

higher concentrations at higher salinity, although this same mechanism can also 779 

increase colloidal aggregation (Mosley et al. 2003; Mosley and Liss 2020). The observed 780 

increased dominance of the smallest size fractions of Cu (Fig. 4c) and LCu (Fig. 5b) at 781 

higher salinities may therefore be partly related to particle size decrease at higher ionic 782 

strengths and higher pH. Although our <10 kDa Cu data were in good agreement with 783 

our SEC data, which isolated SPE-Cu based on weight, these possible biases cannot be 784 

ruled out. 785 

In addition to influencing particle size and colloidal aggregation, changes in pH 786 

and ionic strength also influence trace metal-DOM binding. pH in estuaries is generally 787 

expected to decrease slightly at low salinities, followed by an increase and finally 788 

stabilization at higher salinities (S >15) (Mosley and Liss 2020). Modeling has shown that 789 

increasing ionic strength will tend to decrease Cu-DOM complexation, as divalent 790 
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cations (such as Mg2+) compete with Cu for DOM, and the displaced Cu can then bind to 791 

Fe oxi(hydroxi)des (Mosley and Liss 2020). Decreasing pH also decreases Cu-DOM 792 

interaction, as protons also compete with Cu for DOM, and log 𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑  (Gledhill et al. 793 

2015). Similarly, Cu-humic binding has been shown to decrease with increasing salinity 794 

and decreasing pH (Hamilton-Taylor et al. 2002). As marine and estuarine pH is subject 795 

to change as a result of anthropogenic impacts including increases in CO2, further 796 

investigation of the role of pH in Cu speciation in the study area is warranted.  797 

Finally, the high seasonal fluctuation in Amazon River discharge (Villar et al. 798 

2009) likely plays an important role in Cu-DOM cycling and warrants further study. In 799 

other estuaries, Cu concentrations and size-partitioning are known to be altered by 800 

seasonality and river discharge. For example, Windom et al. (1988) observed a non-801 

conservative decrease in Cu at low salinities (~S <5) during the high discharge season 802 

but not the low discharge season for the Bang Pankong estuary, which was attributed to 803 

possible particle scavenging to resuspended sediments or Fe-oxides. A recent study in 804 

the Isonzo River estuary (Italy) also observed a seasonal effect on size-partitioning, with 805 

depletion in the smallest size fraction (<10 KDa) of Cu during the wet seasons (Pavoni et 806 

al. 2020). Similarly, a study in the River Thurso estuary (Scotland) observed decreased 807 

partitioning of Cu and LCu to the smallest (<1 kDa) size fraction with increased river flow 808 

(Muller and Cuscov 2017). Given the likely importance of seasonality for trace metal 809 

cycling in the Amazon River plume, a follow-up study is planned during low-discharge 810 

conditions. The combination of low and high discharge data will enable us to quantify 811 
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the annual input of Cu into the Atlantic and to estimate the interannual variability of 812 

overall processes that influence this input. 813 

 814 

5. Conclusions 815 

Our study provides a novel assessment of the contribution of the Amazon and 816 

Pará Rivers as a source of Cu as a nutrient to the tropical North Atlantic Ocean, and the 817 

role of organic ligands in buffering potential Cu toxicity. Cu was primarily present in the 818 

soluble (<0.015 µm) fraction, and concentrations were governed mostly by physical 819 

mixing. A heterogeneous pool of Cu-binding organic ligands was characterized by high 820 

conditional stability constants (log 𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑  = 12.6-15.2) was present in excess of 821 

ambient Cu concentrations. Humic substances (measured as eHS) followed a similar 822 

trend compared to LCu. As a result of the buffering effects of organic ligands, Cu2+ never 823 

reached levels potentially toxic for phytoplankton, indicating that the anthropogenic 824 

disruptions to the Amazon basin region have not yet caused Cu pollution of the coastal 825 

ocean.  826 

Although Cu was found predominantly in the soluble fraction, a pool of large 827 

(0.015 to 0.2 µm) colloidal Cu was also detected at low salinities, indicating that colloidal 828 

formation and flocculation occurred during early mixing in the Amazon and Pará 829 

estuaries. On the other hand, we detected a broad mid-salinity fraction of large LCu and 830 

eHS colloids, suggesting a source of autochthonous (phytoplankton-derived) ligand 831 

production in addition to terrestrially-derived organic ligands. The soluble and 832 

ultrafiltered (where available) size fractions of eHS and LCu behaved more 833 
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conservatively, suggestive of a predominately terrestrial ligand source. SPE-Cu followed 834 

a similar conservative trend and was consistent with the results observed for the <10 835 

kDa Cu fraction. Conditional stability constants (𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑 ) for LCu were higher in the 836 

soluble than in the dissolved fraction and highest in the ultrafiltered samples. Thus, the 837 

primarily conservative distribution of Cu concentrations and the dominance in the 838 

soluble fraction likely reflects stabilization of Cu by an abundance of strong soluble 839 

organic ligands.  840 

Over the past several decades, the Amazon catchment area has been subject to 841 

strong anthropogenic changes, including deforestation, forest fires, hydropower dams 842 

and the consequences of climate change. Our comparison to previous data indicates 843 

that Cu concentrations are comparable to the 1970s, suggesting that, so far, the large 844 

overall river flow may compensate the impact of potential Cu pollution. Further studies 845 

to assess seasonal discharge variability between the dry and the rainy period will enable 846 

us to characterize the export of Cu and organic-Cu complexes from the Amazon River 847 

basin to the coastal ocean and, ultimately the contribution of Cu to the Atlantic Ocean 848 

via the Brazil current and meridional overturning circulation. Together, these studies will 849 

enable us to assess how future anthropogenic changes in this region will affect the 850 

export of Cu and Cu-associated organic matter, to the Atlantic Ocean.   851 

 852 

  853 
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Tables 1183 

Table 1. Cu concentrations (nmol L-1) of CASS 6 and NASS 7 standard (National Research 1184 

Council Canada (NRC-CNRC)), quality control (QC) South Atlantic seawater and manifold 1185 

(air) blank. Samples were analyzed by inductively coupled plasma-mass spectrometry 1186 

(ICP-MS) following seaFAST preconcentration. Concentrations were determined using 1187 

isotope dilution for all samples except manifold blanks, which were determined using 1188 

standard curves and dividing by the seaFAST preconcentration factor. Error is reported 1189 

as the standard deviation of analytical replicates. Reference values and errors are 1190 

reported by NRC-CNRC. The limit of detection (LOD) is three times manifold blank 1191 

standard deviation. 1192 

 1193 

 

Cu measured 

value, nmol L-1 

Cu reference 

value, nmol L-1 

Limit of detection, 

pmol L-1 

CASS 6 
8.58±0.22 

(n=9) 
8.18±0.50 NA 

NASS 7 
2.94±0.09 

(n=5) 
3.13±0.22 NA 

QC 
11.96±0.64 

(n=7) 
NA NA 

Manifold 

blank 

0.0023±0.0017 

(n=30) 
NA 5.2 

 1194 
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Table 2. Linear regression analyses for dissolved (<0.2 µm) and soluble (<0.015 µm) Cu 1195 

(nmol L-1) versus salinity in the Amazon Transect, Pará Transect, Plume North, Mangrove 1196 

Belt and North Brazil Current. For the North Brazil Current dissolved and soluble 1197 

fractions, no statistically significant trend was observed. 1198 

 1199 

  

Slope, Cu (nmol L-1) 

 per unit salinity 

Intercept, Cu (nmol L-1) 

 per unit salinity 
n R p 

Dissolved Cu, <0.2 µm      

Amazon Transect -0.68±0.05 23.4±0.8 38 0.83 <0.0001 

Pará Transect -0.46±0.04 17.0±0.8 14 0.95 <0.0001 

Plume North -0.60±0.06 21.6±1.0 14 0.94 <0.0001 

Mangrove Belt -0.37±0.04 14.6±1.3 20 0.91 <0.0001 

North Brazil Current  0.09±0.25 -2.4±9.0 16 0.21 0.4 

Soluble Cu, <0.015 µm 

  
  

 
Amazon Transect -0.41±0.06 18.5±0.9 29 0.82 <0.0001 

Pará Transect -0.24±0.03 13.9±0.4 8 0.96 0.0002 

Plume North -0.44±0.05 18.4±0.80 13 0.94 <0.0001 

Mangrove Belt -0.51±0.15 20.3±4.6 15 0.69 0.004 

North Brazil Current  1.25±1.38 -42.3±49.2 7 0.37 0.4 

 1200 
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Figures 1202 

 1203 

Figure 1. Sample group assignments (a) and salinity data (b) for surface samples plotted 1204 

in Ocean Data View (ODV). Designations for towed-fish sample groups correspond to 1205 

the Amazon River Transect (black circle), Pará River Transect (green inverted triangle), 1206 

Mangrove Belt (yellow square), plume aging northward (“Plume north”; blue diamond) 1207 

and North Brazil Current (NBC; red X). Belém, the starting point of the cruise, is 1208 

represented by the white diamond. 1209 

 1210 
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 1211 

Figure 2. Ocean data view (ODV) plots of chlorophyll a, (Chl a, µg L-1,, a), dissolved 1212 

organic carbon (DOC, µmol L-1, b),  silicate (µmol L-1, c), and dissolved copper (Cu, nmol 1213 

L-1, d).  1214 

 1215 
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 1216 

Figure 3. Concentrations of chlorophyll a, (Chl a, µg L-1, a), dissolved organic carbon 1217 

(DOC, µmol L-1, b), silicate (µmol L-1, c), nitrate (µmol L-1, d) and phosphate (µmol L-1, e) 1218 

plotted against salinity.  1219 

 1220 

 1221 

Figure 4. Concentration of Cu (nmol L-1) plotted against salinity for the dissolved (<0.2 1222 

µm, a) and soluble (<0.015 µm, b) size fractions. A bar graph (c) shows size comparison 1223 

(expressed as percent of total) for the four samples that were ultrafiltered at <1 and <10 1224 

kDa. Concentrations in c (FISH 15, 98, 36 and 25) were measured from separate aliquots 1225 

taken from the LCu samples, since no ultrafiltration was performed on the samples 1226 

collected for trace metal analysis. Error bars are expressed as 11.2% of total, which was 1227 
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estimated to be the average measurement uncertainty using the Nordtest approach. 1228 

Error bars that are smaller than the symbol size are not visible on the graphs.  1229 

 1230 

 1231 

Figure 5. Apparent Cu binding organic ligands (LCu, nmol eq Cu L-1, a-b), conditional 1232 

stability constants (𝐾′𝐶𝑢𝐿,𝐶𝑢2+
𝑐𝑜𝑛𝑑 , c-d) and pCu (defined as -logCu2+ in moles L-1 e-f) plotted 1233 

against salinity for dissolved (<0.2 µm, left) and soluble (<0.015 µm, right) fractions. In e-1234 

f, the dashed line at pCu = 13 denotes the threshold for possible Cu toxicity for 1235 
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cyanobacteria. Ultrafiltered (UF) samples are also shown on the soluble plots as symbols 1236 

with a dot (<10 KDa) or X (<1 KDa) through the middle. Error bars represent the error 1237 

(95% confidence) generated from fitting the Langmuir equation in ProMCC. Error bars 1238 

that are smaller than the symbol size are not visible on the graphs. The dissolved 1239 

fraction of station 25 (NBC) is not shown for LCu and pCu due to high relative error (Table 1240 

S1). 1241 

 1242 

 1243 

Figure 6. Electroactive humic substances (eHS, mg eq SRHA L-1) plotted against salinity 1244 

for dissolved (<0.2 µm, a) and soluble (<0.015 µm, b) fractions. Error bars that are 1245 

smaller than the symbol size are not visible on the graphs.  1246 

 1247 
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 1248 

Figure 7. Solid phase extractable (SPE) Cu (SPE-Cu, nmol L-1, a) and dissolved organic 1249 

carbon at 254 nm (SPE-DOC, µmol mol C-1, b).  1250 

 1251 

 1252 

Figure 8. Dissolved Cu concentrations vs. salinity in the Amazon estuary re-plotted from 1253 

Boyle et al. 1982 (1976 cruise) (nmol kg-1, white diamonds), compared to data from this 1254 

paper (nmol kg-1, black circles).  1255 


